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Abstract

The work explores the efficacy of a biochemical remediation of a nitrate-contaminated aquifer
by a combination of nanoscale zero-valent iron (NZVI) and bacteria supported by carbon
substrates. Nitrate removal was first assessed in batch tests, and then in a laboratory bench-scale
aquifer model (60 cm length x 40 cm width x 50 cm height), in which a background flow was
maintained. Water and natural sandy material of a stratified aquifer were used in the tests to
enhance the reliability of the results. An array of non-pumping-reactive wells (NPRWs) filled
with NZVI (ds¢=50 nm, and SSA= 22.5 m2/g) mixed with carbon substrates (beech sawdust and
maize cobs) was installed in the bench-scale aquifer model to intercept the flow and remove
nitrate (NO3~ Conc.= 105 mg/l). The NPRWs array was preferred to a continuous permeable
reactive barrier (PRB) since wells can be drilled at greater depths compared to PRBs. The
optimal well diameter, spacing among the NPRWs and number of wells in the bench-scale model
were designed based on flow simulations using the semi analytical particle tracking (advection)
model, PMPATH. An optimal configuration of four wells, 35 mm diameter, and capture width of
1.8 times the well diameter was obtained for a hydraulic conductivity contrast between reactive
materials in the wells and aquifer media (Kpy/Kqq =16.5). To avoid excessive proximity
between wells, the system was designed so that the capture of the contaminated water was not
complete, and several sequential arrays of wells were preferred. To simulate the performance of
the array, the water passed through the bench-scale NPRWs system was re-circulated to the
aquifer inlet, and a nitrate degradation below the limit target concentration (10 mg/l) was
obtained after 13 days (corresponding to 13 arrays of wells in the field). The results of this study
demonstrated that using the NZVI-mixed-carbon substrates in the NPRWs system has a great
potential for in-situ nitrate reduction in contaminated groundwater. This NPRWs system can be

considered a promising and viable technology in deep aquifers.

Keywords: Nano Zero Valent Iron, Non-Pumping Reactive Wells, Nitrate Removal, PMPATH, Aquifer

Remediation, Carbon Substrates.



1. Introduction

Drinking water contaminated by nitrate may cause significant adverse effects on human health,
such as methemo-globinemia and blue baby disease in infants, and development of cancer after it
reduces to nitrite (Haugen et al. 2003; WHO 2005). Biological denitrification, physical
adsorption, and chemical reduction are the three viable approaches for in-situ remediation of
nitrate-contaminated aquifers. Biological denitrification is, in principle, a major removal
mechanism under natural conditions. However, in many contaminated aquifers the activity of
nitrate-reducing bacteria is limited, and has to be enhanced and supported by several engineered
interventions. Enhancing bacterial action as the only denitrification mechanism usually requires
the injection of dissolved chemical substances (e.g., electron acceptor, electron donor, nutrients)
(Schufer and Kinzelbach, 1992). As an alternative, since the 1990s, one of the most successful
approaches is the realization of permeable reactive barriers (PRBs) of carbon substrates, in
different configurations (continuous trenches, funnel-and-gate or reactive vessel) (Day et al.
1999; Tratnyek et al. 2003; Obiri-Nyarko et al. 2014). The successful use of a wide variety of
carbon substrates has been reported in the literature, including limestone (Pearson and
McDonnell 1975), bionolle (Schipper and Vojvodi‘c-Vukovi’c 2000), sawdust (Boley et al.
2002; Robertson and Cherry 1995), woodchips (Cameron and Schipper, 2010), rice husk (Shao
et al., 2008), leaf compost (Delwiche 1981), maize stalks (Greenan et al. 2006), alfalfa (Benner
et al. 1997), cotton (Volokita et al. 1996; Della Rocca et al. 2007a,b). In this case, the removal
mechanism is usually a combination of biotic degradation, where the carbon substrate supports
the microbial growth, and physical adsorption onto the solid matrix in the barrier. The
abovementioned materials have been applied either in classical PRBs or in multi-barriers, which
are composed by several reactive and sorbing fillings put in series (Obiri-Nyarko et al. 2014;
Van Nooten et al. 2008).

Among abiotic approaches to in-situ denitrification, Zero Valent Iron (ZVI) was successfully
applied for nitrate removal in the form of millimetric particles in PRBs, both as the only filling
material (Cheng et al. 1997; Westerhoff and James 2003), and mixed with carbon substrates, to
promote a concurrent chemical reduction of nitrate for an integrated bio-chemical denitrification
(e.g., Gillham and O’Hanneisin 1994; Nurmi and Tratnyek 2008; Lien and Wilkin 2005; Della
Rocca et al. 2007a). Despite the efficacy of ZVI and carbon substrates as individual materials in

PRBs for nitrate removal, the application of individual materials (either ZVI or carbon substrate)



as filler for PRBs may present some disadvantages. ZVI alone is effective, but can result in the
production of relevant quantities of ammonium and H, bubbles, with a negative impact on the
barrier permeability. Moreover, it is sensitive to a progressive decreased reactivity of Fe” toward
contaminants, due to the formation of mineral precipitates onto the ZVI surface (Della Rocca et
al. 2007a; Cheng et al. 1997; Su and Puls 2004). On the other hand, the use of carbon substrates
in PRBs may negatively affect the porosity and the hydraulic performance of the barriers in the
medium- and long-term as a result of the accumulation of biomass or biofilm and the production
of gas bubbles, with consequent diversion of groundwater flow around the barrier (Taylor and
Jaffe, 1990; Phillips et al., 2000; Gu et al., 2002). The combined use of a carbon substrate and
millimetric ZVI in PRBs for in situ bio-chemical denitrification has been considered in more
recent years, and proved effective in improving denitrification rates via autotrophic (AD) and
heterotrophic (HD) denitrification processes simultaneously (Della Rocca et al., 2007a,b),
overcoming most drawbacks associated to the individual biological or chemical denitrification
processes (Till et al., 1998; Huang et al., 1998; Dejournett and Alvarez, 2000; Shin and Cha,
2008). In this sense, the presence of microorganisms can significantly enhance the performance
of the reactive barrier by biotic degradation of the contaminants, by consuming H, gas bubbles
produced by iron corrosion in groundwater (Weathers et al., 1997; Novak et al., 1998; Li et al.,
2011). Moreover, the integrated ZVI-bacteria system does not require intensive maintenance and
constant supply of organic substrates, produces less biomass sludge, allows a rapid and complete
process at nearly neutral pH, and results in N, as a final product, rather than the abiotically
produced NH;" in high concentration (Huang et al., 1998; Dejournett and Alvarez, 2000; Shin
and Cha, 2008).

In this work the efficiency of two carbon substrates (beech sawdust and maize cobs) mixed with
nanoscale zero-valent iron particles is evaluated for nitrate removal in a bench-scale laboratory
model which simulates a natural, stratified aquifer heavily contaminated by nitrates from diffuse
sources (Shahrekord aquifer, Iran). The two carbon substrates were selected based on their high
suitability to support bacterial denitrification, as evidenced in a previous work by Warneke et al.
(2011). Contrary to previous works described in the literature, which report the use of millimetric
ZV1 as filling material in the PRBs, in this work nanoscale zerovalent iron (NZVI) is proposed
for use in combination with the carbon substrates. Compared to millimetric or micrometric iron

particles (MZVI), NZVI has a much larger specific surface area, which results in a faster



degradation of contaminants (Tratnyek and Johnson, 2006; Huang et al., 2013; Tosco et al.,
2014; Karn et al., 2009), but also in an increased corrosion and reduced lifetime, which makes
sometimes MZVT preferable for its higher longevity (Velimirovic et al., 2014; Luna et al., 2015).
Hazards of NZVI handling during the transportation, handling, and injection of the NZVI are
higher compared to MZVI (Renn and Rocco, 2006), and the impact of eventual surface
modification (e.g. by noble metals) to enhance NZVI reactivity and stability may increase
toxicity (Phenrat et al., 2009). The cost per unit mass of iron is favorable to micrometric and
millimetric particles (eg. in 2014 in the USA $30-40/lb for NZVI, $1-5/Ib for MZVI, $0.25-
0.75/1b for millimetric ZVI) (NanoRem 2014), but if cost is re-scaled over surface area ($/m2) it
is approximately the same for the three materials. As a consequence, the preference for NZVI
rather than MZVI or millimetric iron is not straightforward, and implies several site-specific
considerations on costs, hazards, and operational feasibility. In this study NZVI was preferred to
MZVI and millimetric iron for coupling with the carbon substrate for its higher reactivity, due to
the urgent need of a fast and effective reduction of nitrate in the contaminated aquifer, which is
the primary drinking water source of the area and urge to be remediated in a short period.

The second challenge posed by the remediation of the Shahrekord aquifer is related to the depth
of the contamination (down to 70 m). PRBs are typically limited to depths lower than
approximately 20 m (USEPA 1998), and consequently are not viable for this application. On the
contrary, arrays of non-pumped reactive wells (ANPRWs) have been studied as an appropriate
alternative for greater depths (Wilson and Mackay 1997). A typical ANPRWs consists of a series
of rows of closely-spaced un-pumped wells filled by fully-penetrating cartridges containing the
reactive materials, which perform as a discontinued PRB (Wilson et al., 1997). A comprehensive
explanation of scheme, design, and performance modeling of the ANPRWs, and the use of the
ANPRWs for amendment delivery, has been well documented by Freethey et al. (2002). Beside
the higher depth of treatment, the ANPRWs allow an easier regeneration of the reactive filling
compared to PRBs (which is particularly important in this application, due to the relatively short
lifetime of NZVI) and removal of the reactive material when the remediation is complete.
Moreover, this approach, compared to injection of particle and substrates directly into the subsoil
may be considered 'precautionary' by some regulators and industries concerning the possible side
effects of releasing nanoparticles into groundwater (e.g. Royal Society 2005, Iranian Ministry of

Energy, 2008) by concentrating the nanoparticle into a container.



2. Mechanisms of combined autotrophic-heterotrophic denitrification

The combination of bacteria-mediated autotrophic and heterotrophic denitrification in the
presence of Fe’ is not merely a sum of parallel mechanisms, but results in a synergic, complex
sequence of concurrent reactions, as previously elucidated into details by Della Rocca et al.
(2007a,b) and Liu et al. (2014). Autotrophs use carbon dioxide (CO,) as a carbon source and
hydrogen (H,) or reduced sulfur compounds as electron donors (Till et al., 1998; Haugen et al.,
2002). Heterotrophic denitrification (HD) requires an organic carbon rich environment, which
can be achieved by supplying either soluble (sucrose, methanol, ethanol, etc.) or insoluble carbon
sources. (eg. vegetable oil, natural organic substrates such as liquorice, giant reed, wheat straw
and cotton, bio-polymer and methane) (Rocca et al., 2007).

The main mechanisms of the denitrification process in the presence of NZVI and bacteria are
illustrated in Figure 1 according to the general conceptual core—shell structure model. The main
processes occurring at the NZVI surface include (i) iron corrosion, (ii) hydrogen production via
cathodic depolarization, and (iii) abiotic reduction of nitrate. When Fe' is immersed in anoxic
water, dissolved hydrogen is produced via cathodic depolarization (Dejournett and Alvarez,

2000):
Fe’ + 2H,0 — Fe’ + Hy 4 + 20H° (1)

In parallel, abiotic reduction of nitrate to ammonia by NZVI takes place beyond the tolerance

range of denitrifiers (Till et al., 1998; Li et al., 2006):

4Fe® + TH,0 + NO;s™ — 4Fe* + 10 OH + NH,* (2)

Even though this process is known to be quite slow at nearly neutral pH, resulting in
insignificant ammonia production and increasing groundwater pH (Gayle et al., 1989; Shin and
Cha, 2008). The aqueous nitrate (NO3 ) 1s transferred to the boundary layer of the Fe’ particles,
and then adsorbed as NO3 4. NO3 44 is then diffused along the boundary layer and is chemically
reduced to other forms as NH3 4, NO2 44, and NH," 4. The products in the boundary layer can be
desorbed and diffused from the surface into the solution in ionic form, or leave the solution in the

gas form. At nearly neutral pH, with the passing of time non-crystal FeOOH is formed on the
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particle surface as the main oxidation product of Fe” in the presence of denitrifying bacteria. This
layer could inhibit further electron transfer from the Fe’ core to the surface, and consequently
decrease the rate of nitrate reduction directly by ZVI (Phillips et al., 2000; Huang and Zhang,
2004). As the pH increases due to OH™ production in reaction (2), the layer of FeOOH on the iron
particles can adsorb OH in the solution, becoming negatively charged, and consequently
preventing to adsorb nitrate on the iron surface. Nevertheless, the cathodic depolarization process
(1) is not depleted, since neutral water can still adsorb to the iron surface due to its electrical
properties, and thus H; can be continuously generated (Li et al., 2011).

Simultaneously, in such an anaerobic environment enriched by cathodic hydrogen H, and
insoluble carbon substrates, both autotrophic (AD) and heterotrophic (HD) denitrification
contribute to nitrate reduction (Gu et al., 2002). These bacteria use nitrate as a terminal electron
acceptor in their respiration process in the absence of oxygen through the sequence reactions

conducted by different enzymes (Till et al., 1998):

2 N03_ + 5H2 — N2 + 4H20 + 20H" (3)

During this process the end products of denitrification are carbon dioxide (CO;) and nitrogen gas
(N2g) with the formation of a number of nitrogen intermediates: NO3™ —NO, — NO—N>O—N,
(Shin and Cha, 2008). Thus, biochemical reduction of nitrate can enhance both the rate and
extent of transformation and yield a more innocuous and favorable end product distribution

(Dejournett and Alvarez, 2000).
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Figure 1: Conceptual model of NO; reduction by NZVI particles in presence of denitrifier bacteria.

3. Site Description

This study is the preliminary part of a full scale remediation project of the Shahrekord
contaminated aquifer by Regional Water Organization of Chahar-Mahal and Bakhtiari province.
This unconfined aquifer is located in a semi-arid region in the West of Iran, and has an area of
550 km?, specific yield=0.03-0.08, transmissivity= 200-1100 m*/d, hydraulic conductivity= 2-20
m/d, porosity=0.20-0.33, depth to groundwater=25 m (Figure 2), and aquifer bottom (bedrock) at
100 meters or deeper below the ground level. Precipitation is limited, with an annual average of
320 mm. The lack of a permanent river in the plain and the recent rapid population growth led to
a progressive decrease of the groundwater recharge and to the overexploitation of the aquifer,
which is the only available water resource in this area for several activities. In addition, intensive
use of fertilizers by agricultural sectors (which is the dominant land use in this region), leakage
from wastewater network, septic tanks and county sewage penetrating wells, and undesired
releases wastewater from a treatment plant (Figure 2) (Chahar-Mahal and Bakhtiari Regional
Water Company, 2008) resulted in the accumulation of nitrate in the groundwater, which has
exceed the permissible concentration level (~ 10 mg/L of N according to Iranian Health Ministry
Regulation).

The spatio-temporal variation of nitrate concentration in the groundwater was assessed by water

sampling from 10 pumping wells (W1 to W10, as shown in Figure 2) around the installation site



in three sampling campaigns in 2012. The summary statistics of the nitrate concentrations
observed in the samples are reported in Table 1. The results in Table 1 indicated that the nitrate
concentration in the aquifer has a high variability during the sampling period (standard
deviation=42.33 mg/l). The maximum concentration (105 mg/l- NOs™) was observed in the last
sampling campaign in well W5, which supplies the tap water of Taganak town in the outlet
plume of groundwater. As a consequence, the natural groundwater collected at the well W5
during the last sampling campaign was used in the laboratory experiments.

The NPRWs system was chosen due to the significant depth of the contaminant plume (36-68 m)
and operational and cost aspects. Due to the abundancy, spreading, and type (both point and
diffuse) of contamination sources, it is nearly impossible to design a NPRWs close to each
source. The location of the NPRWs installation was proposed at a location where the aquifer is
narrow, the geological properties are more favorable, and there is an accumulation of nitrate in
the contaminated plume (Figure 2). In this location, the aquifer is surrounded by rocks and

formed in a previous river bed excavated in the bed rock.

Table 1: Summary results of nitrate concentration in groundwater sampling of pumping wells.

Well ID ‘W1|W2|W3|W4‘W5|W6‘W7|W8‘W9“ WIO‘

Mean (mg/l) 23.1 253 20.1  55.0 | 560 228 304 228 | 313 36.0
Standard Deviation

(mg/l)

240 470 045 1290 | 3592 | 3.65  1.40 12.80 | 42.33 3.06

Groundwater Depth (m) = 44 36 58 45 68 53 45 62 44 52

* Well W9 is located right downstream the outlet of the wastewater plant.

4. Materials and Methods

4.1. Characterization of Reduced Agents

The NZVI particles (NANOFER STAR, NANOIRON, Czech Republic) have a Feé° content of
90%, are stabilized by a thin layer of iron oxide, and have an average diameter of 50 nm, specific
surface area of 20-25 m?*/g (see also http:/nanoiron.cz). The selected carbon substrates were
beech (Fagus Orientalis) sawdust (Nitrogen=1.87%, Carbon=38.26%, Hydrogen=6.03%, and
Sulphur=1.05%) and maize cobs (Nitrogen=1.12%, Carbon=40.81%, Hydrogen=5.45%, and
Sulphur=0) with size of 5+2 mm. The chemical composition of the substrates was analyzed by
gas chromatography (GC, HayeSep Q 60/80, Shimadzu Co., Japan, ASTM-D3612 Method B)

equipped with a thermal conductivity detector (TCD) and two columns.
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Figure 2: Location of pumping wells for sampling and location of the NPRWs installation in Shahrekord Aquifer.

4.2. Batch Experiments

Batch experiments were performed in bottles (200 ml) filled by six different combinations of the
reactive materials (named A to F). Natural water of Sharekord’s aquifer (at well W5) with NO5~
concentration of 105 mg/l was used in all tests. The bottles were kept under ambient conditions
(25+2°C) and were run in duplicate. The Nitrate reductant agents in A and F are carbon
substrates and NZVI, respectively, whereas in the others (B to E) mixtures of all reactive

materials were used in different ratios. Table 2 indicates the amount of substances for each test.

Table 2: Concentration of carbon substrates and NZVI used in the six treatments.

Maize Cobs (g/]) 80 80 80 80 60 0
Beech Sawdust (g/]) 40 40 40 40 60 0
NZVI (g/) 0 2 4 8 4 4
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Water was sampled from the bottles every day using a 2 ml syringe through an opening on the
top of each bottles, simultaneously. Then the samples were filtered by a 0.2 um filter paper just
before determination of NO;~ and NH," using a UV—-Vis spectrophotometer (SPECORD 250-
222P205) at wavelength of 500 and 250 nm, respectively, and electrical conductivity (EC)
measurement. After each sampling, the space produced by taking 2ml sample on the top of
solution was filled by Ar gas. The bottles were shaken slowly to ensure that all the nitrate would
have access to the available reductant agents. The experiment was continued until the
concentration of nitrate in the bottles declined to an acceptable value according to the drinking

water standards (i.e. 10 mg/l).

4.3. Bench-scale Aquifer Design

To evaluate the NO;~ reduction under flow conditions, a bench-scale laboratory setup mimicking
the ANPRW:s in the Shahrekord aquifer was built according to the core logs extracted from wells
near the remediation site. The aquifer in the area of the remediation site consists of three
stratified layers, including clay (top layer with 8-10 m thickness), clayey sand (middle layer with
20-25 m thickness), and clayey gravel (bottom layer with 32-35 m thickness). The thickness of
aquifer and the depth to groundwater in this site are 60-70 m and 10 m, respectively. The bench-
scale laboratory setup of the aquifer was fabricated in Plexiglas in dimensions of 60 cm (length)
x 40 cm (width) x 50 cm (height), as shown in Figure 3. The model was filled with three layers
of sediment with different particle size and composition which mimicked the field stratigraphy.
The materials used to fill the model are clayey soil collected at the site, fine sand (dso=0.85 mm)
and gravel (dso=3.5+0.5 mm) from Iranian Silica Sand MFG Company.

For the top layer (with thickness of 10 cm), the clayey soil collected at the site was used directly,
with hydraulic conductivity (K) equal to 0.004 m/d, and porosity (n) equal to 0.40, according to
the laboratory tests. The middle layer (with thickness of 20 cm) consists of sandy clay soil with
hydraulic conductivity equal to 1.75 m/d, and porosity equal to 0.30. In this layer, the site clay
and fine sand (dsp=0.85 mm, n= 0.22, and K= 3.0 m/d) were mixed in the ratio of 45% and 55%
w/w. The bottom layer of model aquifer was gravel-clay soil (30 c¢m thickness) with mixing of
clay with fine gravel in ratio of 25% and 75 % w/w, respectively.

The average hydraulic conductivity (K), pore water velocity (V), and hydraulic gradient (i) of
the aquifer model resulted, respectively, in 2.10 m/d, 0.52 m/d, and 0.02. For easier data
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collection, a thin layer of fine gravel was put on the top of the aquifer model. The flow velocity
in the bench scale aquifer model was selected similar to the one observed in the natural aquifer.
The system properties and the applied head difference resulted in residence time approximately

equal to 1 day.
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Figure 3: Schematic of Aquifer Laboratory setup (a) and Schematic plan view of a well in NPRWs system (b).
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An array of NPRWs (Wy, W,, ..., Wy) was emplaced perpendicular to the groundwater flow
direction at a distance of 25 cm from the entrance of the model (see Figure 3). Two sets of
piezometers were placed upstream (P; and P,) downstream (P; to P;) the NPRWs array,
respectively at distance of 15 cm and 40 c¢m from the model inlet. The final values of the design
parameters, i.e. number of wells (N), distance between wells (Ly,), and wells diameter (Dy,), for
the NPRW array in the bench-scale model were determined by numerical simulations. The
particle tracking model PMPATH (Pollock, 1994; Chiang and Kinzelbach, 1998) was applied to
simulate the groundwater flow in the proximity to the NPRWs system, and to obtain the
optimum values of Ny,, Ly, and Dy, in field conditions.

Each well in NPRWs system is composed by three basic parts (Figures 3a-b) an external stiff
Plexi-glass cylinder with high capacity flow conduits throughout its length, a cylindrical stainless
steel cartridge with fine mesh that contains the reactive materials, and diverging wings to direct
the contaminant plume into the reactive cartridge. Three diverging wings with an orientation
angle of 120" among them were placed outside the steel cylinder to guide the flow through the
well. A thin layer (5 mm) of sand (ds0=0.8 mm, K= 3.0 m/d) was used as filter around each well
to prevent the soil particles entering into the well screen.

The natural groundwater of the aquifer with background nitrate concentration (Cy) of 105 mg/I
and ionic strength (/) of 50 mM was pumped using a peristaltic pump (B-V Series, Etatron D.S.,
Italy) into the upstream reservoir. Before introducing the cylindrical cartridges containing the
reactive material into the wells, 10 pore volumes of the natural groundwater were pumped to the
aquifer in order to obtain a uniform distribution of the contaminated water in all parts of the
porous medium. A constant hydraulic gradient was ensured by tuning the water level in both
upstream and downstream reservoirs. The treated effluent water from the downstream reservoir
was circulated and pumped to the upstream reservoir, to simulate parallel, subsequent NPRWs
arrays in the aquifer. The recirculation of the contaminated water was continued until the

concentration of nitrate in the effluent water had been reduced to the acceptable level.

4.4 Numerical model
The flow in the bench-scale aquifer was simulated using MODFLOW in three dimensions
(McDonald and Harbaugh, 1988), by incorporating a three-layered block-centered finite-

difference grid of 120 rows and 180 columns with uniform size of 3.5 mm wide. The

13



hydrodynamic properties of the layers were imposed equal to those reported in the section 4.3.
Zero-gradient boundary conditions were applied at the upstream and downstream end of the
bench-scale aquifer model, whereas no-flow boundary conditions were kept on the other sides
(impervious walls). All simulations were run varying the parameters Ny, (1, 2, 3, ..., 6), and Dy,
(10, 20, 30, 35, 40, 50 mm) in a steady state long-term period (36 simulations). The diameter of
the wells (Dy,) used in the simulations was selected according to available ones for Plexiglas
cylinders. The distance between wells (Ly,) did not require independent adjustment since it
depends on the values of Ny, and Dy, being the total width of the capture front fixed. A semi-
analytical particle-tracking tool (PMPATH) was used to track forward 200 particles from the
upstream boundaries to delineate the capture zone of wells, using the flow field solved by

MODFLOW as an input.

5. Results and Discussions

5.1. Culture of Denitrification Bacteria

The abundance of denitrifying populations in the contaminated water in different treatments (A
to F) was assessed by counting the cell number (CN) using the traditional plate count method on
an agar background in Petri dish (Garcia-Armesto et al., 1993). The number of denitrifier
bacteria did not grow significantly when the NZVI (sample F, 19.4% increase) or the carbon
substrate (bottle A, 37% increase) were the only reactive agent. Conversely, a dramatic increase
(437%) of the denitrifier bacteria community was observed in bottle D (mixture of 20g Maize
cobs, 10g beech sawdust, and 2.0g NZVI). In addition, for a specific mass of carbon substrates, it
was observed that increasing the NZVI concentration resulted in a more relevant growth of the
denitrifier bacteria community (treatments from B to C to D). This can be attributed to the
availability of the produced cathodic hydrogen (eq. 1) as an energy source for the autotrophic
growth of pure cultures of methanogenic, homoaceotogenic, and sulfate-reducing bacteria (Till et

al., 1998).

5.2 Batch Denitrification Experiments
The concentration of nitrate, ammonium, total nitrogen (TN), pH, and electrical conductivity
(EC) was measured in six batch denitrification tests (Figure 4). The concentration of

intermediated products such as ammonia or nitrite was negligible in the solutions during the
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experiments. The results indicate that nitrate concentration for treatments containing NZVI (B to
F) decreased exponentially, whereas the nitrate reduction rate for treatment A (without NZVI)
followed a linear trend. Treatment D, including 30 g of carbon substrates and 2.0 g NZVI (i.e.
the highest concentration of both materials), showed the best performance in nitrate reduction
(removing 87% of Cyp in 3 days). In this regards, the reciprocal effect of NZVI and denitrifier
bacteria provided favorable conditions for nitrate reduction through a combined bio-chemical
process. Increasing the NZVI dosage enhanced both nitrate reduction and H, production, and this
cathodic hydrogen further promoted the denitrifying populations. The enhanced activity of these
bacteria increased the carbon dioxide concentration and consequently the pH decreased,
promoting the dissolution of the oxidized layers on the iron surface and the reaction progress.
For all curves except the A treatment (i.e. no NZVI), a two-step trend in the degradation can be
observed: a first, steep slope (up to 3 days for treatment D, up to 4 days for treatment B to F)
followed by a more gradual decrease in the second part of the test. Treatment F, which contained
1.0 g NZVI, exhibited a reduction of 66% after 3 days, while treatment A, containing 30 g
carbon substrates with no iron, exhibited only a reduction of 38% after 7 days. It can be
perceived that adding the NZVI to the solution had a strong effect on the nitrate reduction
(treatments B to E compared to A), whereas carbon substrates had a moderate effect (treatments
B to D compared to F). Increasing the amount of NZVI in the solution (treatment D compared to
B) resulted in a more effective and faster nitrate reduction. In addition, comparing treatment E
with C, it can be observed that a Maize cobs to beech sawdust ratio of 1:1 was more effective
than a ratio of 2:1.

The results indicate that the presence of the carbon substrates lead to a higher ammonium
production over time. In all tests, the ammonium concentration increased over time up to a
maximum value, which depended on the quantity of NZVI used in the solution. In a second
stage, a constant value or a decrease in the ammonium concentration was observed. Treatment F
(no carbon substrates) corresponded to the lowest production of ammonium (8.5 mg/l at the
seventh day), while a slightly higher production was observed for treatment A (20 mg/l). For
treatments A to E, the decrease in the ammonium concentration after the peak value can be
associated to the increasing pH, which is a favorable condition for ammonium stripping.
Increasing the concentration of NZVI in the treatment D delayed the time of the peak ammonium

concentration of one day.
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Figure 4: Temporal variation of nitrate, ammonium, total nitrogen (TN), pH, and EC in solution of bottles for
different treatments.

5.2.1 Denitrification Kinetics
The processes of nitrate degradation and ammonium production and stripping can be described

by a simple pseudo first-order kinetic model (Choe et al., 2004; Hwang et al., 2011):

dCyo, ¢ 0kt
I - —ky Cyo, Integrating Cnos, = Cyo, €71 “)
dCypy, 0 ¢ CI(\)IH4 klz 0, —kyt
— = k1(CRo, = Cnoa) = kaCiny e Chin, = 0. ik, ) e
kq 0 —kqt ky 0
+ (m) CN03€ 1+ k_z CN03 (5)

where C ,603 and C 15;14 are the aqueous nitrate and ammonium concentrations at time ¢,
respectively, C ,‘\’,03 and Coy , are the initial nitrate and ammonium concentration, respectively, k;
and k, are the nitrate reduction ammonia stripping constant, respectively.

The kinetic constants k; and k, were optimized by fitting the experimental data of nitrate and
ammonium concentrations in batch tests to the Equations (4) and (5) (Table 3). The results
indicate that the pseudo first-order kinetic model can correctly simulate the process for all
treatments (except the ammonium stripping constant for treatment F, see the corresponding R?
values). The value of fitted kinetic constant k4 is directly proportional to the NZVI dosage in the
solution, since the maximum and minimum value of k; were obtained for treatments D and A
respectively (Table 3). The minimum kinetic stripping constant k, (0.071 day~!) was obtained
for treatment A (no NZVI), while the maximum k, (2.28 day~') was obtained for treatment F

(no carbon substrate). The k, value for treatment F is significantly higher compared to the other
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treatments (four times the value obtained for treatment D and thirty times the value for treatment
A). The value of R? = 0.782 obtained for treatment F confirmed that the assumption of pseudo
first-order kinetics is not accurate when NZVI alone is used. This finding is in agreement with

the results obtained by Hwang et al. (2011).

Table 3: Estimated constants of nitrate reduction, ammonium production and stripping for six treatments.

A 1.05 0.985 0.07 0.998

B 1.73 0.890 0.35 0.965

C 1.95 0.931 0.29 0.970

D 2.61 0.973 0.52 0.821

E 1.86 0.945 0.35 0.928

F 0.29 0.963 2.29 0.782
5.2.2 Gas Production

The variation over time of total nitrogen (TN) in solution provides information on the amount of
gasses produced by the denitrification reactions. In treatment A only 27% of initial TN (TNy) in
the solution was converted to gas (N, and or NH3) at the end of experiment, while 78% of TN
was reduced in treatment F. For the other treatments (B to E), the percentage of the TN
remaining in solution at the end of the test was in the range 50-65%. This can be due to a higher
rate of chemical denitrification in water in comparison to biological or bio-chemical
denitrification. In addition, nitrate was converted to ammonium ion followed by ammonia
stripping under an alkaline condition (up to pH=10), which lead to a decrease in the total amount

of nitrogen in solution.

5.2.3. pH variation
The temporal evolution of the solution pH for the six treatments from the initial value of 7.4+0 is
also shown in Figure 4. According to these results, three distinct pH variation trends can be

observed:
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a) The pH value decreased from 7.4 to 3.1 at the end of the experiment in treatment A (no
NZVI). This may be due to the presence of carbon dioxide and other acids, which are produced
during the metabolic process of the bacteria (Hsu et al., 2011):

b) The pH increased up to 10.8 for treatment F (only NZVI). This can be attributed to the
production of hydroxide ions according to Equations (1) and (2). As the pH increases, the rate
of NZVI reaction decreases due to the formation of the oxide layer on the surface of the
particles. Furthermore, a high pH lead to an unfavorable environment (e.g. accumulation of
ammonium ions) for microbial reduction. The increased pH provided thermodynamically
favorable conditions for the production of nitrogen gas and stripping of ammonium as a final
product with a consequent significant decrease of the TN in the solution.

¢) A minor decrease in pH (between 0.6 to 1.1 with respect to the initial value) after one day,
followed by a moderate increase (0.3-1.4) up to the end of the experiment was observed for
treatments B to D. The conflicting effects of NZVI and denitrifier bacteria seem to have caused
these variations, since NZVI tends to increase pH (due to hydroxide ion production) and
bacterial activity tends to decrease the pH (due to the production of carbonic acid). On the other
hand, when the acidity of the solution increases, the surface of the particles is refreshed. As a
result, the rate of ammonium production by the nanoparticles increases and reaches a peak
value. Subsequently, the rate of ammonium production slightly decreases, probably due to
accumulation of some toxic ions (e.g. ammonium) in the solution, preventing further microbial
growth.

The intermediate pH observed in tests B to D, together with a good degree of removal of nitrate,

suggests that both abiotic (by NZVI) and biotic degradation were occurring in parallel, with

opposite effects on the pH. The limitation of changes in pH can help increasing the degradation
rates of both processes, and contribute to shift the equilibrium of the degradation reactions

toward the products.

5.2.3. Electrical Conductivity

The electrical conductivity (EC) trend for treatment F (containing only the NZVI particles)
exhibited a linear decrease during the experiment, from the initial value of 903 uS/cm to 710
uS/cm on the seventh day (21% of EC reduction). This is due to the capability of the NZVI

particles to reduce a wide range of cations and anions with different valences in the natural
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groundwater. Conversely, the EC increased exponentially when the carbon substrates were used
individually (treatment A) or mixed with the NZVI (treatments of B to E). The rate of EC growth
ranged from 200% (for treatment A) to 380% (for treatment D). This may be due to the increased
pH value for higher production of cations and anions in the solution by the carbon substrates.
The increase of NZVI dosage (treatment D compared to treatments B and C) resulted in the
increase of EC. Based on the results on the batch tests, the mixture of maize cobs, beech sawdust
and NZVI in the weight ratio of 10:5:1 (treatment D) was identified as the most efficient in

nitrate degradation, and was used as reactive material in the bench-scale aquifer test.

5.3. Bench-Scale Aquifer

5.3.1 Numerical Flow Simulations

The configuration of the bench-scale NPRWs array (i.e the most efficient number of wells Ny,
Ly, and Dy,), was designed based on a numerical flow and particle tracking model developed
using MODFLOW and MODPATH. Several simulations were run, corresponding to different
candidate configurations of the array, and their performances were compared to find the
optimum in terms of efficacy of the wells in capturing the flow pathlines. Mass balance errors
lower than 0.05% were obtained for all simulation runs. The optimum values of Ny, Ly, and Dy,
were obtained equal to 4, 65 mm, and 35 mm, respectively. In other words, one row composed
by four wells with diameter 35 mm filled by reactive materials (NZVI mixed by carbon
substrates) with uniform spacing of 65 mm were placed in the aquifer bench-scale model,
perpendicular to the flow direction, as shown in Figure 3.

An example of simulation results in terms of capture zone of NPRWs and flow pathlines around
the wells, simulated by PMPATH, is shown in Figure 5. A capture zone of each well wide as
twice the well diameter (~1.8 Dy,) was obtained for a contrast between the average hydraulic
conductivity of the aquifer (2.10 m/d) and of the reactive materials (treatment D, Kzy = 34.60
m/d) with equal to Kgy /K =16.50.

5.7. Denitrification in the Bench-Scale Aquifer Model
The nitrate concentration in all upstream and downstream piezometers (P; to P;) every 24 hours
(corresponding to the residence time in the aquifer model) as shown in Figure 6. Since the

monitored nitrate concentrations in the upstream piezometers (P1 and P2) are very similar in all
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circulations, they are reported here as an average (U.S.) in Figure 6. Nitrate concentration below
acceptance criteria was found in most of the down-gradient monitoring piezometers of the
NPRWs system (P3 to P7) after 13 days (approximately 13 circulations). This suggests that
similar results (95% nitrate removal) could be obtained if 13 arrays of NPRWs are considered
along the flow direction. The trend of nitrate reduction monitored in downstream piezometers
(P3 to P7) showed moderate peaks, which can be due to by-passing of some un-treated
streamline of polluted groundwater between wells without entering in contact with the reactive
materials. This effect would be mitigated at a large scale if the consecutive arrays of NPRWs are

non-aligned.

Juoz daamde)

Figure 5: Steady state capture area for the wells in the first layer by tracking 200 particles forward from the

upstream boundaries.
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Figure 6: Rate of nitrate reduction from groundwater by NPRWs system at monitoring piezometers. The

abbreviations refer to samples collected in piezometers downstream ("P3" to "P7") and upstream ("U.S.") the wells

system.

For a deeper investigation of the nitrate reduction process in the NPRWs system, statistics of
nitrate reduction percentage in each circulation (Cirl to Cirl3) in terms of minimum, maximum,
mean, and upper and lower quintiles in the downstream piezometers (P3 to P7) are shown in a
boxplot in Figure 7. The values were computed for each circulation with respect to the inlet
nitrate concentration at the corresponding circulation. It is noticeable that the maximum nitrate
reduction is occurring during the fourth to sixth circulation (Cir4 to Cir6), whereas the mean

nitrate reduction declines when circulation of plume increases.
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Figure 7: Statistics of nitrate reduction in the downstream piezometers of the bench-scale aquifer after each

circulation.

The average cumulative percentage of nitrate removal observed in the downstream piezometers
at each circulation indicates that the degradation half-life of nitrate in the NPRWs system is
approximately six days, and more than 90% of NO;~ was degraded after about 11 days.

The ammonium production was also monitored in the upstream (P1 and P2) and downstream
piezometers (P3 to P7) (Figure 8a). No significant increase in NH," concentration was observed
during the first two days. From the third day, the rate of NH," production started increasing, up
to 0.51-0.55 mg/l in the 13" day. It should be mentioned that the final value is very close to the

maximum allowable level in drinking water (0.5 mg/l).
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Figure 8: Ammonium concentration (a) and EC (b) in upstream and downstream piezometers of the NPRWs system
during the experiment time. The initial values of ammonium concentration and EC were, respectively, ~0.3 mg/l and

150648 uS/cm.

Finally, the trend of groundwater electrical conductivity (EC) observed in the upstream (P1 and
P2) and downstream (P3 to P7) piezometers is reported in Figure 8b. The EC downstream the
NPRWs system decreased from 15068 puS/cm to 798-929 uS/cm during the 13 days, which
denotes an EC attenuation from 38% to 47%. This can be attributed to the capability of the NZVI
particles to reduce the ions with different valence which are frequently included in the natural
groundwater (e.g., Na*, Mg*, Ca**, COs*, CI), in spite of generation of the NH,* and OH
(Ruangchainikom et al., 2006).
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It is finally worth to mention that the average pH of the groundwater downstream the NPRW
array did not show significant variations compared to the upstream ones. Only a slight increase
of pH averagely equal to 0.2 was observed. Additional experiments were also performed to
investigate the effects of the eventual formation of precipitates in the reactive zone on the
hydraulic properties of the bench-scale aquifer (data not reported). The results indicated an

insignificant reduction of the hydraulic conductivity (~3%) after 13 days.

6. Conclusions

The efficacy of Non-Pumping Reactive Wells (NPRWs) for the biochemical remediation of
nitrate-contaminated groundwater was assessed through laboratory bench-scale studies, which
represent the first step of a full-scale remediation of a deep contaminated aquifer in Iran. The
reactive material to be emplaced in the wells was first selected based on batch degradation tests
using several combinations of carbon substrates (Maize cobs and beech sawdust) and nanoscale
zero-valent iron, alone or in combination with the others. The mixture of maize cobs, beech
sawdust and NZVI in the weight ratio of 10:5:1 showed the best performance, in particular
compared to the application of the individual materials, and was applied for the bench-scale test
for the denitrification under flow conditions. The two carbon substrates support and promote the
growth of denitrifying bacterial communities, which in turn take advantage of the abiotic
chemical reactions occurring at the NZVI surface (namely, production of hydrogen gas and
hydroxide anions). The NZVI also contribute to the reduction of nitrate, and the reaction kinetics
is enhanced by the nearly neutral pH established by the concurring bacterial activity.

Since this study is focused on the final application of the system at the full scale, the water from
the contaminated aquifer was directly employed in the laboratory tests. The authors are aware
that this practical approach makes more complicated the full comprehension of the reaction
mechanisms occurring in the batch and the bench scale model, but provides more reliable results
for the up-scaling of the technology to the field. In this sense, further studies using synthetic
contaminated water can be envisioned in the future for a deeper and more quantitative insight in
the reaction mechanisms. It is worth to mention that the use or recirculation in the bench-scale
model introduces a certain degree of homogenization, and consequently the inlet concentration
observed in the laboratory is not the same which would enter the NPRWs in the second to 13th

row in the field. The use of non-aligned arrays of NPRWs would mitigate this difference.
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However, a pilot installation at the field will be necessary before the realization of the full-scale
intervention.

The NPRWs behave as a discontinued PRB, and consequently multiple staggered arrays of wells
are to be drilled. The bench-scale model includes a single array of NPRWs, but it was used to
reproduce the denitrification performance of several arrays by re-circulating the outflow at the
inlet. Since each re-circulation mimics the flow of the contaminated water through a single array,
this approach was used for the determination of the number of sequential arrays in the full scale
application. The results indicated that the nitrate present in the groundwater at the concentration
of 105 mg/l of NO;~ was completely degraded in most of the monitoring piezometers down-
gradient of the NPRWs system after 13 days, corresponding to the passage through 13 parallel
arrays of NPRWs.

Beside the reactivity of the NPRWs filling material, the spacing among wells of the same array
and between subsequent arrays, as well as the well diameter, are crucial parameters in the design
of the full-scale intervention. In this work the design of the bench-scale model, represented by a
single array of wells, was carried out using the numerical model PMPATH, which can be applied
also for the full-scale design. The NPRWs were preferred for this application to the more
classical configuration of a continuous PRB due to the specific application envisioned for the
system: the contamination is located at great depth, with the water table at approximately 36 m
below the ground level, and the bedrock at 100 m b.g.l. or lower. Such depth makes the option of
an excavated PRB unfeasible. Moreover, concentrating the NZVI in the NPRWs system may
reduce the risk of particle release in the environment over the long-time frame, even if the
mobility of bare (non-stabilized) NZVI is very limited under natural flow conditions (Tosco et
al., 2014).

NPRWs also have the advantage of an easier restoration of the reactive material in comparison
with common PRB configurations. This aspect is crucial for the specific application envisioned
here, since in this case the removal of the (diffuse and multiple) sources is not feasible: the high
importance of the water resource in the region, and consequently the risk associated to its
contamination, require the full scale system to be installed in a short time, and be regenerated
quite often. Furthermore, NPRWs can be more easily adapted to variations in concentration and
flow direction over time, compared to PRBs: in case of an increase in the inlet concentration,

further arrays of wells can be drilled, or existing ones can be discontinued if a significant
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decrease in the inlet concentration is observed. The arrays can also be extended laterally in case
of observed bypass of the reactive wells front. This is particularly useful in the full scale
application envisioned here, since the nitrate contamination is caused by several sources, not all
characterized into details, and changes in the nitrate concentration and plume width cannot be
excluded for the future. Finally, it is worth to mention that, even though the realization of
multiple arrays of reactive wells, as well as the use of NZVI, will imply a high cost for the
intervention, it is justified due to the importance of the water resource, which is the only

significant fresh water source in the area.
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